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Abstract
Aim: Biotic homogenization (BH), a reduction in the distinctness of species composition between geographically separated ecological communities in a region, is an
important but underappreciated potential consequence of biological invasions. While
BH theory has always considered invasions, it has generally been in a relatively narrow context that the cosmopolitan nature of invasive species increases BH because
of their shared presence across many locations. We sought to evaluate this component of BH as well as broader effects of invasive species on BH through changes in
native communities, including overall reductions in species richness or shifts in species composition.
Location: Minnesota, USA.
Time period: 2002–2014.
Major taxa studied: Aquatic macrophytes, including both vascular plants and attached macroalgae.
Methods: We used surveys of aquatic macrophyte communities from 1,102 shallow
lakes in Minnesota, USA (including 248 lakes with repeated surveys) to evaluate relationships between invasion, native species and BH.
Results: We found that the presence of invasive species was associated with BH and
that this pattern was reflected in both the total community (i.e., with invasive species
included) and in the composition of the native species community alone. We found
that invaded lakes were more compositionally similar to each other than uninvaded
lakes, but that both groups were becoming more similar over time—despite neither
group exhibiting declines in species richness. This pattern was largely driven by shifts
in the native community itself, with common species becoming more widespread and
rare species becoming rarer.
Main conclusions: Invasive species increase measures of community similarity
through their own presence in multiple locations, and also by influencing the composition of native species. These patterns have important implications for conservation
and management and suggest that BH should be considered more widely in evaluating the impacts of biological invasions and developing response strategies.
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1 | I NTRO D U C TI O N

the main role of invaders on BH; however, invasive species can
also indirectly increase community similarity via effects on na-

Human activities have drastically reshaped ecological systems

tive communities. This can occur through species interactions

through a variety of processes, including habitat loss and degrada-

(e.g., competitive exclusion) or invader-mediated impacts on en-

tion (Halpern et al., 2008; Hoekstra, Boucher, Ricketts, & Roberts,

vironmental conditions that spur shifts in community composition

2005), climate change (Hoegh-Guldberg & Bruno, 2010; Parmesan &

(Byers, Wright, & Gribben, 2010; D’Antonio & Vitousek, 1992;

Yohe, 2003), and the spread of invasive species (Mack et al., 2000;

Didham, Tylianakis, Hutchison, Ewers, & Gemmell, 2005). Thus,

Vilà et al., 2011). While these processes are understood to be asso-

the influence of invasive species on BH can be differentiated

ciated with reductions in local (α) diversity or movement of species

between a direct component (invasive species’ presence altering

into new regions, a less well-appreciated consequence of anthropo-

community similarity) and an indirect component (via concomi-

genic global change is biotic homogenization (BH; Olden & Rooney,

tant effects on native species). Conversely, BH can occur simply

2006). As some species are extirpated, while others invade into new

through spread or loss of native species, independent of the in-

areas (either naturally or via human activity), geographically distinct

fluence of invasive species. These alternative mechanisms can be

communities can become more similar to each other, resulting in loss

quantified by estimating the background rate of homogenization

of β-diversity over time.

of communities with only native species present and contrast-

This loss in ecological distinctness and variability could have a

ing this rate with that found where invaders are present. Where

variety of consequences (Olden, LeRoy Poff, Douglas, Douglas, &

invaders are present, their influence can be further assessed by

Fausch, 2004). Loss of species, the simplest mechanism for BH, can

partitioning out the mathematical contribution (to similarity mea-

reduce ecosystem functioning (O’Connor & Crowe, 2005; Yachi &

sures) of shared presence of the invasive species across locations

Loreau, 1999) and production of services (Worm et al., 2006), de-

versus changes in community similarity associated with the native

pending on the specific role of the species that are lost. There is also

community alone.

growing evidence that β-diversity itself plays a direct role in eco-

Here we investigate the role of invasive species in BH in

system functioning that is undermined by homogenization (Hautier

aquatic plant communities of shallow lakes across Minnesota.

et al., 2018; Mori, Isbell, & Seidl, 2018). BH also undermines stabil-

Lakes are a key commercial and cultural resource in the upper

ity and resilience of ecosystems (Downing, Nes, Mooij, & Scheffer,

Midwest (Keeler et al., 2012, 2015), and their macrophyte com-

2012; Tilman, Reich, & Knops, 2006), reducing ecosystems’ capacity

munities strongly influence ecosystem functioning (Carpenter &

to recover after large-scale environmental disturbances or to resist

Lodge, 1986; Takamura, Kadono, Fukushima, Nakagawa, & Kim,

biological invasions (Olden et al., 2004).

2003). Several emergent and submersed aquatic invasive plant

Anthropogenic impacts can drive BH through a variety of

species are present in Minnesota lakes and represent a significant

mechanisms. While loss of species is the simplest mechanism,

concern for both lake users and resource managers. Several local

BH – or conversely, biotic differentiation – can happen through

impacts of aquatic macrophyte invasions, including reductions

either loss or gain of species depending on their identity and com-

in α-diversity, alteration of environmental conditions, and deg-

monality (Olden & Rooney, 2006). In some cases, as with agricul-

radation of habitat for other species, have been well established

ture, humans purposefully spread a small subset of species across

(Muthukrishnan, Hansel-Welch, & Larkin, 2018; Strayer, 2010;

broad geographic ranges. More generally, human activity and

Thomaz, Mormul, & Michelan, 2015), but we know of no research

global transport increase the likelihood of inadvertent dispersal

that has evaluated invasions’ influence on ecological distinctive-

of certain species, even within their native ranges (Nathan et al.,

ness at regional scales, and their potential to further drive BH by

2008). Such increased dispersal can promote the dominance of

impacting native communities. Because of the implications of BH

highly competitive species by giving them access to more loca-

for ecosystem resilience and adaptability (Olden et al., 2004), un-

tions. Similarly, human development can remove natural barriers

derstanding these potential effects of aquatic invasions is import-

that previously prevented mixing of species or populations (Elton,

ant for informing management strategies in response to invasions.

1958). Additionally, environmental changes associated with agri-

Using plant community composition data from 1,102 lakes,

culture, development, or other human activities can homogenize

including 248 lakes with repeated surveys, we quantified com-

abiotic conditions, thereby supporting a more homogeneous flora

munity similarity across lakes with and without invasive plant

and fauna (McKinney, 2006).

species, changes in similarity over time, changes in overall spe-

From its beginning, theory around BH has explicitly consid-

cies richness, and the relative contributions of native and invasive

ered invasive species, but often in a narrow way. Invasive spe-

species to community similarity. To investigate the potential influ-

cies, broadly speaking, are cosmopolitan, able to spread to many

ence of species invasions on BH, we tested the hypotheses that:

locations, and tend to become locally abundant. Their ubiquity

(a) lakes with invasive species are on average more similar than

can thus drive ecological communities to become more compo-

lakes without invasive species, (b) lakes with invasive species are

sitionally similar (McKinney, 2004), making invasive species one

increasing in similarity at a faster rate than uninvaded lakes, (c)

of the most influential, direct drivers of BH (Olden et al., 2004).

species richness decreases more in invaded lakes than uninvaded

This direct influence on community similarity has been considered

lakes, and (d) greater similarity among invaded lakes is driven by

|
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both the presence of invasive species and changes in native spe-

Larkin, 2016; Saltonstall, Castillo, & Blossey, 2014), it is likely that

cies composition.

the large majority of P. australis occurrences in the dataset were native and we have treated them accordingly.

2 | M E TH O DS
2.2 | Data analysis
2.1 | Survey data
To determine lake-level species richness and community composiBetween 2002 and 2014, the Minnesota Department of Natural

tion across the full set of 1,102 lakes, we aggregated data from indi-

Resources conducted 1,662 vegetation surveys in 1,102 shallow

vidual sampling points to the lake level using the most recent survey

lakes across Minnesota (Figure 1). The lakes represent a broad

available for each lake. No macrophytes were observed in the most

range of conditions found across the state, including varying levels

recent survey for 33 lakes; these were dropped from subsequent

and types of surrounding land use, human activity, and manage-

analyses. We classified lakes where at least one invasive species was

ment. For a subset of 289 lakes, surveys were repeated in multiple

present as ‘invaded’. To evaluate community similarity for invaded

years; however, 41 of these lakes were managed using water-level

and uninvaded lakes we calculated Jaccard dissimilarity (Jd ) between

drawdowns, which greatly alters vegetation, and so were ex-

lakes (Jaccard, 1912) where

cluded from the repeated-survey analyses. This left a set of 248
lakes where changes in community similarity could be assessed

Jd =

over time. Of the full set of lakes, 616 had at least one invasive

2Bd
1 + Bd

(1)

macrophyte species, while 181 of the lakes with multiple surveys
were invaded. Many lakes contained multiple invasive species (up

and Bd is the Bray–Curtis dissimilarity (Bray & Curtis, 1957) between

to four), but it was most common for lakes to only have a single

lakes, calculated based on species presence/absence,

invasive species.
For each survey, the thrown-rake method was used to quantify macrophyte communities at littoral locations on a point-inter-

Bd = 1 −

#of species in common
.
#of species in site a + #of species in site b

(2)

cept grid placed on each lake (Madsen & Wersal, 2017; Spears et
al., 2009). At each location, all macrophytes (aquatic vascular plants

Dissimilarity measurements were calculated using the veg-

and macroalgae) found were identified to species or the lowest fea-

dist function (with method = ‘jaccard’) from the vegan package

sible taxon. Throughout, we refer to taxa as ‘species’ for clarity, al-

(Oksanen et al., 2015) in R version 3.5.1 (which was used for all

though this includes some identified only to genus (see Supporting

analyses; R Core Team, 2018). We then calculated the Jaccard

Information Table S1 for a full list of taxa). The number of points

similarity (Js) as Js = 1 − Jd. We measured Js for each uninvaded

surveyed within a lake varied as a function of lake size (61.7 ± 37.9;

lake with respect to all other uninvaded lakes and calculated the

mean ± SD).

mean similarity value (Js ) for each lake. We repeated this process

We determined invasive status of species in Minnesota based

for all invaded lakes, measuring similarity against other invaded

on established lists (Milburn, Bourdaghs, & Husveth, 2007;

lakes. Additionally, we calculated similarity between invaded lakes

USDA National Resources Conservation Service, 2016); six were

based on only the native species present to quantify BH not driven

present in our surveys: Lythrum salicaria (purple loosestrife),

directly by invader presence. We tested for an effect of invasion

Myriophyllum spicatum (Eurasian watermilfoil), Phalaris arundinacea

on BH by comparing the mean similarities (for all species and for

(reed canarygrass), Potamogeton crispus (curly-leaf pondweed), Typha

native species only) of invaded and uninvaded lakes using a t-test.

angustifolia (narrow-leaf cattail) and Typha × glauca (hybrid cattail).

We also compared multivariate community similarity between un-

Recent surveys have suggested that Typha stands in the region gen-

invaded and invaded lakes, again considering all species and only

erally include hybrid genotypes, even those that may have previ-

native species (in this case excluding lakes that had no native spe-

ously been recorded as the native Typha latifolia (Travis, Marburger,

cies), using analysis of similarity (Clarke, 1993; using the anosim

Windels, & Kubátová, 2010). Thus, we treated all Typha records in

function from the vegan package, with method = ‘jaccard’ and

the dataset as invasive and as a single taxonomic unit when counting

10,000 permutations).

species richness. We also reran analyses, while differentiating Typha

As different geographic regions could potentially correlate with

to the lowest reported taxon and found no qualitative differences

abiotic environmental differences that would limit the potential set of

in results, indicating low sensitivity to this conservative approach to

species that can co-occur we conducted additional analyses to evalu-

Typha taxonomy. Similarly, both invasive European and native geno-

ate if there was an effect of the spatial scale of regions used to calcu-

types of Phragmites australis occur in Minnesota, but lineages were

late β-diversity. To do this we separated lakes into smaller regions and

not discriminated in our dataset. Based on recent statewide surveys

calculated Bd and Js (as above) for each lake based only on comparison

of P. australis populations (J. Bohnen, unpubl. data) and the rarity of

with other lakes in the region (when there were at least five invaded

hybridization between native and invasive P. australis (Fant, Price, &

or uninvaded lakes in the geographic region), rather than across the

4
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F I G U R E 1 Locations of all sampled lakes. Invaded locations are coloured red and uninvaded locations are black. Open circles indicate
locations with only a single sampling time point and filled triangles represent lakes sampled in multiple years

entire dataset. We conducted these additional analyses at two spa-

these lakes, we calculated mean similarity between invaded lakes

tial scales, counties and the four Minnesota Department of Natural

and between uninvaded lakes for both the earliest and most recent

Resources administrative regions, and compared average similarities

surveys of each lake. On average, the time between surveys was

of invaded and uninvaded lakes using t-tests at each spatial scale.

6.0 ± 2.9 years, with a maximum of 12 years. We evaluated whether

To examine temporal patterns of BH, we conducted further anal-

the change in similarity over time was different between invaded

yses using data from the 248 lakes with repeated survey data. For

and uninvaded lakes by analysing mean similarity using a linear

|
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.35

mixed effects model (using the lmer function from the lme4 package;

5

Bates, Mächler, Bolker, & Walker, 2015), which included time period,
.30

invasion status and their interaction as fixed effects and lake identity as a random effect to account for repeated measures (surveys).

ogous comparisons using richness as the response variable. We also
separated the plant community by general growth form into emergent and aquatic (submersed and floating) categories and evaluated
changes in BH and species richness for each group using the same
methods as above.

.20
.15

were driven by changes in species richness, we then conducted anal-

.10

and without the parameter of interest. To evaluate if these patterns

.05

age; Halekoh & Højsgaard, 2014), which compares models both with

Jaccard similarity

approach with the PBmodcomp function (from the pbkrtest pack-

.25

We evaluated statistical significance using a parametric bootstrap

quantifying changes in the presence of individual species between
time points to evaluate if changes in lake similarity were based on
the presence of invaders or shifts in native species assemblages.
For each species in the dataset, we identified the total number of
lakes where it was present, the number of lakes where it was absent
during the initial survey but present at the later time point (new colonizations), and the number of lakes where the species was present
during the initial survey but not seen in the later time point (losses);
we did this separately for invaded and uninvaded lakes. We then calculated the proportion of lakes where each species was a new colo-

0

We further analysed data from the repeated-survey lakes by
Invaded lakes
Uninvaded lakes
Invaded lakes
(Native species only) (All species)

F I G U R E 2 Community similarity of aquatic macrophytes
(measured as mean Jaccard similarity) in uninvaded and invaded
lakes in Minnesota. Additionally, community similarity was
calculated for invaded lakes excluding invasive species (to evaluate
similarity of the native community itself) and using all species. The
difference between the second and third boxplots represents the
direct mathematical contribution of invasive species themselves to
community similarity

nist and the proportion where it was lost, and related those values
to the overall commonness of the species as indicated by the number

t = 10.253, df = 881.37, p < .001), although as would be expected,

of times it occurred across the entire dataset of 1,102 lakes. This

average similarity between lakes was greater at smaller spatial scales

allowed us to evaluate the relative rarity or commonness of species

(Supporting Information Figure S1).

being lost from or added to lakes.

Evaluation of lakes with repeated surveys showed an overall
trend toward increasing similarity (Figure 3a; significant positive
main effect of time in Table 1). Additionally, invaded lakes were more

3 | R E S U LT S

similar to each other than uninvaded lakes, even at their initial sampling time point (significant main effect of invasion status in Table 1).

Overall, there was high variability in lake-level species richness

Invaded lakes also increased in similarity between initial and final

(10.64 ± 7.30; mean ± SD; range 0–44). Measures of lake similar-

surveys but not significantly more than uninvaded lakes (positive

ity (Figure 2) showed relatively high distinctiveness for both unin-

but non-significant interaction term in Table 2). Species richness was

vaded (Js = .176 ± .049; Js can range from 0 to 1 with a value of 1

marginally higher in invaded lakes (8.51 ± 5.90; Figure 3b, main ef-

indicating identical assemblages in all locations) and invaded lakes

fect of invasion status in Table 2) than uninvaded lakes (6.79 ± 5.47),

(Js = .220 ± .055, excluding invasive species from calculations).

but this difference was relatively consistent over time (no signifi-

However, invaded lakes had significantly higher similarity values

cant time or interaction effects). Broadly similar patterns were seen

(t = 13.782, df = 1,022.1, p < .001). When distinctiveness of in-

when plant communities were split by growth form (Supporting

vaded lakes was calculated with invasive species included, similar-

Information Figures S2 and S3). The aquatic (submersed and floating)

ity of invaded lakes was similar (Js = .232 ± .055), which was also

plant community showed significant main effects of time and inva-

significantly higher than uninvaded lakes (t = 17.731, df = 1,027.3,

sion as well as a significant interaction between time and invasion

p < .001). Community composition of uninvaded lakes was also sig-

status indicating greater rates of BH in invaded lakes (Supporting

nificantly different from invaded lakes when considering all species

Information Table S2) but no significant patterns with species rich-

[analysis of similarity (ANOSIM) statistic (R) = .016; p < .001] or just

ness (Supporting Information Table S3). The emergent plant com-

native species (R = .008; p = .007). Similar relative patterns were

munity showed similar trends in BH and species richness, again with

observed at all spatial scales (county level analysis only native spe-

statistically significant patterns only in BH (Supporting Information

cies t = 4.044, df = 803.5, p < .001; county level analysis all species

Tables S4 and S5).

t = 6.777, df = 820.83, p < .001; region level analysis only native spe-

Examining changes in individual species, uninvaded lakes showed

cies t = 6.957, df = 889.78, p < .001; region level analysis all species

a slight tendency for more species losses than colonizations (centroid

|
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F I G U R E 3 Changes in (a) community
similarity and (b) species richness of
aquatic macrophytes in invaded and
uninvaded lakes over time in Minnesota
lakes with repeated surveys

(b)

0

20
15
0

5

10

Species richness

.20
.15
.10
.05

Jaccard similarity

.25

25

.30

30

.35

(a)

Initial
Final
Uninvaded

Parameter

Initial
Final
Invaded

Estimate

Initial
Final
Uninvaded

Standard error

Test statistic

Initial
Final
Invaded

p value

Intercept

0.192

0.008

25.271

Time (final)

0.015

0.008

1.897

.061

Invasion (invaded)

0.025

0.009

2.784

.005

Time × invasion
(final and invaded)

0.010

0.009

1.001

.319

Significant

*

TA B L E 1 Statistical results for linear
model evaluating changes in community
similarity (β-diversity) between invaded
and uninvaded lakes. Estimate values are
for the condition in parentheses.

Note. Asterisks indicate parameters that were statistically significant (α=.05) in the analysis.

Parameter

Estimate

Standard error

Test statistic

Intercept

6.701

0.707

9.478

Time (final)

0.179

0.482

0.371

p value

.710

Invasion (invaded)

1.370

0.828

1.656

.097

Time × invasion
(final and invaded)

0.705

0.565

1.248

.210

Significant

TA B L E 2 Statistical results for linear
model evaluating changes in species
richness between invaded and uninvaded
lakes. Estimate values are for the
condition in parentheses

lies below the 1:1 line in Figure 4a). Additionally, while less-common

being central to the original conceptualization of BH (McKinney,

species were slightly more likely to be lost than gained in uninvaded

2004). Most studies that consider invasion effects on BH focus

lakes (more small circles below the 1:1 line than above in Figure 4a),

on the broad geographic distribution of invasive species and how

common species were about equally likely to be lost or to be new

their presence itself leads to greater similarity in community com-

colonists. In contrast, far more species were new colonists rather

position (McKinney, 2004). Often overlooked are the pathways

than lost in invaded lakes (centroid above the 1:1 line in Figure 4b)

by which invasions can drive BH through impacts to native com-

and many of the new colonizers were common species. This sug-

munities. We found that the presence of invasive plant species

gests that the increase in BH in invaded lakes was driven primarily

in Minnesota lakes was associated with greater similarity in plant

by common species becoming more common and rarer species being

community composition, eroding ecological distinctiveness across

lost. Species in invaded lakes also tended to lie further away from

the landscape. Furthermore, this pattern arose not only from

the origin, and closer to the line from (0,1) to (1,0), indicating their

the mathematical contribution of invaders’ widespread presence

presence in those lakes was less constant.

across lakes, but also through attendant shifts in native species
composition. The patterns we observed were consistent with
these changes not being driven by changes in lake-level species

4 | D I S CU S S I O N

richness, but rather by re-sorting of species composition. Invaded
lakes overall had more volatility in species composition, while unin-

Invasive species can have numerous impacts on ecosystems

vaded lakes were more stable. Rare species were more likely to be

(Pyšek et al., 2012; Vilà et al., 2011), but evaluation of their po-

lost and common species were more likely to be new colonizers in

tential effects on BH have been limited—despite invasive species

invaded lakes than in uninvaded lakes. Such shifts, and associated
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(b)
Proporton of occurances that are new arrivals
0
.2
.4
.6
.8
1

Proporton of occurances that are new arrivals
0
.2
.4
.6
.8
1

Uninvaded Lakes

Potamogeton spp.
Potamogeton zosteriformis
Myriophyllum sibiricum
Najas flexilis
Utricularia vulgaris
Chara sp
Nuphar variegata
Stuckenia pectinata
Ceratophyllum demersum

0

.2

.4

.6

.8

1

(c)

Invaded Lakes

Typha spp.
Potamogeton spp.
Najas flexilis
Myriophyllum sibiricum
Utricularia vulgaris
Potamogeton zosteriformis
Chara sp
Ceratophyllum demersum
Nuphar variegata
Stuckenia pectinata

0

Proporton of occurances that are lost

.2

.4

.6

Difference

Proporton of occurances that are new arrivals
0
.2
.4
.6
.8
1

(a)

.8

Proporton of occurances that are lost

1

7

Invaded

Uninvaded

0

.2

.4

.6

.8

1

Proporton of occurances that are lost

F I G U R E 4 Relative consistency of the presence of individual aquatic macrophyte species in (a) uninvaded and (b) invaded Minnesota
lakes. Each circle represents an individual species and position along the y axis indicates the proportion of lakes in which the species was
found and for which it was a new colonist (i.e., the species was not present in the initial survey, but then observed in a subsequent survey).
The position along the x axis indicates the proportion of lakes in which the species was found but later lost (i.e., the species was present in
the initial survey, but then not observed in a subsequent survey). Circles that lie closer to the origin indicate species that were more often
present at both time points in a given lake. Green circles represent species that were new colonists more often than they were lost, black
circles indicate species that were lost more often than they were new colonists, and red circles indicate species that were new colonists or
lost in roughly the same number of lakes. The size of individual circles indicates the commonality of the species across all lakes and all circles
are slightly jittered to make overlapping data points more visible. The names of the 10 most common species have been overlaid near their
individual data points. Panel (c) shows vectors that indicate the shift in location of individual species from uninvaded to invaded lakes, and
the centroids of the mean position of all species (± 1 SE) in uninvaded and invaded lakes are plotted in black

loss of β-diversity, could have important implications for function-

were consistent with such a pattern, but the results were not de-

ing, stability and resilience of these ecosystems (Mori et al., 2018;

finitive (positive but non-significant interaction term). We also ob-

Olden et al., 2004) and should be considered in conservation and

served broadly similar patterns for both emergent and aquatic plant

management decision-making (McKnight et al., 2007; Pressey,

communities (see Supporting Information Figures S2 and S3) with

Humphries, Margules, Vane-Wright, & Williams, 1993).

aquatic plants (both submersed and floating) showing the clearest

Invasive species have been recognized as a key mechanism of

indication of higher rates of BH in invaded lakes. This difference may

global ecological change, but understanding the potential impacts

arise from stronger species interactions and higher species turnover

of invasions remains a somewhat contentious topic (Davis, 2003;

for aquatic plants, which allows BH to be observed more rapidly,

Gurevitch & Padilla, 2004). Loss of α-diversity through compet-

than emergent ones. Alternatively, the emergent plant community

itive exclusion is the most commonly considered mechanism by

includes more rare species, which sometimes were essentially ter-

which invasive species can influence ecological systems (Clavero,

restrial species that infrequently are observed in the edge habitat of

Brotons, Pons, & Sol, 2009; Grice, 2006; Molnar, Gamboa, Revenga,

lakes. The high incidence of rare species drives down overall com-

& Spalding, 2008). However, loss of α-diversity is not the only way

munity similarity and may make it difficult to identify BH with the

invasive species can influence ecosystems (Levine et al., 2003; Vilà

approaches employed here. Nonetheless, the general consistency in

et al., 2011). In Minnesota lake-plant communities, invasions did

patterns between taxonomic groups offers an additional indication

not reduce species richness at the whole-lake scale, although com-

of the robustness of our results. It is possible that other factors, such

petitive exclusion was previously reported at finer spatial scales

as human disturbances, increase both invasion and BH, and thus their

(Muthukrishnan et al., 2018). Nonetheless, there appeared to be

relationship is driven by a broader factor controlling both processes.

reorganization of community structure, potentially indicating in-

Yet, previous work that directly evaluated the relationship between

vaders are driving BH via a broader environmental impact, akin to

environmental change and β-diversity in lakes found no significant

the effects of urbanization on BH (Blair, 2001). However, while in-

pattern (Angeler & Drakare, 2013), suggesting invasions may be a

vaded lakes had overall greater biotic similarity, both invaded and

particularly influential component of global change. While causal re-

uninvaded lakes increased in similarity over the study time period.

lationships are difficult to discern from the observational data we

Thus, a causal effect of invasive species on BH remains uncertain.

analysed here, analysis of large-scale observational data can offer

A significant positive interaction between invasion status and

a valuable complement to experimental efforts when dealing with

time, such that the rate of BH was higher for invaded lakes, would

complex systems (Elliott, Cheruvelil, Montgomery, & Soranno, 2016;

be stronger evidence that invaders specifically drive BH. Our data

Kelling et al., 2009). Observational studies can provide a spatial and
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temporal extent unlikely to be feasible experimentally, and including

native species that employ a more generalist or environmentally

a large number of independent lakes with a range of variation offers

tolerant strategy versus rarer species with narrower environmental

the potential for more robust patterns. These factors are likely to be

niches (Devictor, Julliard, & Jiguet, 2008). There is also extensive

critical for studying topics such as BH that are emergent outcomes

evidence of environmental changes driving shifts in macrophyte

of multiple processes acting across large spatial and temporal scales.

communities (Jeppesen, Peder Jensen, Søndergaard, Lauridsen, &

These results should encourage further work that directly tests the

Landkildehus, 2000; Sand-Jensen et al., 2008) even leading to BH

alternative possibilities raised here.

(Salgado et al., 2018). These mechanisms are not mutually exclusive

The relationship between invasions and BH could be driven by

and multiple processes could be driving the overall patterns we ob-

a variety of mechanisms with different implications for commu-

served. But our findings suggest that a plausible mechanism needs to

nity trajectories and effective management. Invasive species have

explain not only statistical patterns of homogenization (which could

been shown to competitively exclude native species in these sys-

be driven by invader presence alone) but also shifts toward wider

tems (Muthukrishnan et al., 2018), which may disproportionately

distributions of common species.

impact rare and less-competitive species, leading to greater relative

Invasion-driven BH has important implications for understanding

abundance of common species. Invasive plant species tend to grow

the impacts of invasion and guiding conservation and management

in high-density aggregations, which can potentially change water

decision-making. Changes in α-diversity of native species are a com-

flow patterns (Cornacchia et al., 2018), nutrient cycling (Geddes,

mon way to quantify invader impacts (Pyšek et al., 2012)—or the ap-

Grancharova, Kelly, Treering, & Tuchman, 2014), or light availabil-

parent lack thereof (Sax, Gaines, & Brown, 2002). But analyses based

ity (Urban, Titus, & Zhu, 2009). All of these can, in turn, influence

on α-diversity alone can miss important community-level changes

community dynamics. But it is not clear, a priori, if invasions would

when richness remains relatively constant (or even increases) de-

likely increase or decrease any of these conditions, or what the im-

spite broader regional shifts of rare species becoming rarer and

plications would be for BH. Single, widespread invasive species that

common species more common. Where invaders change community

have strong habitat-modifying influences, such as zebra mussels,

composition through habitat modification, in lieu of or in addition

may offer the most likely scenario for increasing BH by pulling many

to changes imparted through direct competition, their impacts may

systems toward a particular environmental condition and reducing

be disproportionately large relative to invader abundance, and re-

heterogeneity (Rahel, 2002). But this may not be the case for inva-

moval of the invader alone may be an insufficient management re-

sive species in general.

sponse (Cuddington & Hastings, 2004; Lishawa, Lawrence, Albert, &

This uncertainty about the relationship between invasions and

Tuchman, 2015). Additionally, analogous to genetic diversity within

BH has a number of implications. It is notable that these lakes still

species (Sgrò, Lowe, & Hoffmann, 2011), reduction in regional di-

retain significant heterogeneity (Js values generally below .25, al-

versity of communities can decrease resilience to disturbances, such

though this does increase slightly when comparisons are made at

as diseases or changing climatic or environmental conditions (Adger,

smaller spatial scales) and hence diversity, such that current commu-

Hughes, Folke, Carpenter, & Rockström, 2005; Lavorel, 1999). This

nity-level impacts may be limited. This may be due in part to the geo-

can occur when rare members of the regional species pool possess

graphic range of our comparisons and the fact that anthropogenic

traits adapted for the novel conditions and contribute to ecosystem

drivers of biotic mixing (and the associated expansion of invasive

functioning (Chapin III et al., 2000).

species) are relatively recent, both of which will reduce measures of

BH has been considered in a variety of aquatic and terrestrial

community similarity. Yet, the patterns of change suggest that het-

systems, with both plant and animal studies supporting the signifi-

erogeneity will continue to erode, which may eventually have more

cance of BH (Olden & Rooney, 2006). But a synthesis that addresses

consequential impacts. It is also possible that prevailing environ-

the influence of system type on BH has not yet been established.

mental changes are promoting both invasion and homogenization in

Aquatic systems have provided some of the strongest examples of

tandem. For example, lakes that become invaded are likely to have

BH (e.g., Olden & Poff, 2004; Radomski & Goeman, 1995), yet it

higher connectivity – via landscape features or human movement –

is difficult to predict if BH would be a more or less likely conse-

to other lakes (Benjamin, Dunham, & Dare, 2007). This allows for not

quence of invasions in aquatic versus terrestrial systems. There is

only higher invader propagule pressure, but also higher propagule

some evidence that aquatic plant communities, particularly at higher

pressure for native species, particularly those that are widespread

latitudes, are more strongly controlled by abiotic constraints than

and abundant, that is, common species. Additionally, invasions are

terrestrial communities (Muthukrishnan et al., 2018; Santamaría,

frequently associated with habitat degradation or changes in water

2002), which would suggest lower ability for aquatic invaders to

quality (Didham, Tylianakis, Gemmell, Rand, & Ewers, 2007; Linde,

influence community structure or composition through species in-

Izquierdo, Moreira, & Garcia-Vazquez, 2008). A number of environ-

teractions. At the same time, because lakes are often distinct spatial

mental correlates aligned with anthropogenic impacts (e.g., Secchi

units and dispersal between them is limited and highly influenced

depth, chlorophyll a concentrations) are associated with invasion in

by human movement (Johnson & Carlton, 1996), rare species are

Minnesota lakes specifically (Muthukrishnan et al., 2018). Such con-

at greater risk of local extinction, with low potential for rescue, in-

ditions may promote invasive species as ‘passengers’ of change (sensu

creasing the risk of BH. This reinforces the need for more explicit

MacDougall & Turkington, 2005) and are likely to favour common

evaluation of habitat modification and direct competition between
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invasive and native species to improve understanding of lake com-
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